ABSTRACT: A wide variety of endpoints or metrics are commonly employed in pollution monitoring situations but, to date, there have been very few experimental field studies aimed at assessing links between a putative pollutant and established soft sediment assemblages. We carried out a manipulative field experiment whereby intact assemblages were transplanted from control areas to sites adjacent to drains discharging secondary treated sewage effluent at 3 intertidal outfall locations in Port Phillip Bay, Victoria, Australia. We found that the ability of different measures to detect impacts varied, although multivariate methods were able to discriminate the effects of treatment, and population level measures tended to be more sensitive than assemblage level measures of abundance, biomass and diversity. Integrated measures, such as average individual biomass, were found to provide a sensitive detection tool plus an insight into the biological consequences of observed changes. We consider our findings in the light of conceptual models of pollution-induced change in soft sediment assemblages.
INTRODUCTION
A range of biological endpoints or metrics that summarize or incorporate population or assemblage level information is often employed in pollution monitoring studies (see Washington 1984 , Burd 1990 , Keough & Quinn 1991 , Warwick 1993 . It is generally agreed that these endpoints may differ in their ability to detect impacts and that these differences may be related to geographical area or to the composition of the purported pollutant (e.g. Ferraro et al. 1989 , Warwick 1993 . While there has been a considerable amount of attention directed at assessing the efficacy of various biological endpoints (e.g. Gray et al. 1990 , Warwick & Clarke 1991 , Ferraro et al. 1994 , there has also been a call for more experimental studies to test the proposed links between pollutants and changes in faunal assemblages , Keough & Quinn 1991 , Gray 1992 . To this end, mesocosms have been used as experimental test systems of responses to pollutants, for meiofauna and macrofauna (Oviatt et al. 1987 , Gray et al 1988 , Maughan & Oviatt 1993 . Manipulative field studies aimed at detecting links between a putative pollutant and established soft sediment assemblages are rarer; although Morrisey et al. (1996) investigated the effect of copper on macroinfaunal assemblages and Eleftheriou (1982) looked at the effects of dosing sediments with sewage sludge.
Often a problem with attributing assemblage change to the putative pollutant is that studies may be con-founded by environmental variables, such as sediment type, that influence assemblage structure. Alternatively a natural temporal disturbance such as a winter storm (Ferraro et al. 1991 ) may act on the assemblages in a similar way to a pollutant making it difficult to distinguish the actual cause of change. This latter type of influence may be considered a 'pulse' disturbance that confounds the effect of the long-term 'press' disturbance (Bender 1984 ). An ideal endpoint would be sensitive to changes in the pollutant but not to other influences, and respond to the pollutant in a consistent and predictable way.
The Pearson & Rosenberg (1978) 'model' is still frequently used as a conceptual framework in soft sediment organic pollution monitoring studies (e.g. Ferraro et al. 1991 , Maurer et al. 1993 , Heip 1995 . They proposed that changes in certain simple population and community level measures occurred with increasing organic pollution through either space or time. These changes are broadly summarized by an afaunal or severely polluted zone, a zone of stimulation or moderate organic input, and non-polluted or background conditions. Species richness, faunal abundance, and biomass are also described as changing between these zones in a predictable manner relative to each other; although there has been very little experimental evaluation of these predictions. Effective and sensitive monitoring programs require a knowledge of: (1) which endpoints are likely to respond to potential pollutants, and what is the direction and the magnitude of these responses; and (2) the appropriate time frame formonitoring. Often such information is not available on a site-specific, or even regional, basis.
The use of transplant experiments has a long history in experimental ecology although there are few reports in the recent published literature that we are aware of that describe transplanting intact assemblages of macrofauna in soft sediment systems across a pollution gradient (but see Lenihan et al. 1995 , Negarestan 1998 . Transplant experiments are particularly useful in soft sediment systems because, where transplantation takes place within a broadly similar physical regime, they allow sediment characteristics to be kept constant over the short term while exposing the animals to different water quality characteristics. They can also give an indication of the response time of fauna to changes in water quality.
We decided to use a short-term transplant experiment to answer the following questions: (1) How sensitive are selected endpoints in an experimental environment? (2) Do general ecological theory and available descriptive models allow us to predict how endpoints will change in relation to each other at several different locations? (3) Within what time frame should a sensitive monitoring program operate in this environment?
MATERIALS AND METHODS
Study area. This study was carried out at the Western Treatment Plant that covers 10 851 ha, including approximately 20 km of foreshore over which 4 main drains discharge secondary treated effluent into Port Phillip Bay, Victoria, Australia. Two rivers (Werribee River and Little River) discharge into the bay immediately adjacent to, and within, the Western Treatment Plant. We carried out our experiments in the upper intertidal zone around 3 of the 4 operating drains at the plant: the Lake Borrie, the 145 West and the 15 East Drains. Table 1 presents water quality data from these 3 drains taken from the Melbourne Water Corporation environment and community obligation report 1998/1999. Plume studies undertaken at the Western Treatment Plant have indicated that the transport and mixing of effluent plumes are very strongly influenced by wind (C. Pattiaratchi et al. unpubl.) . Although the resolution of these studies tends to be at the scale of the whole treatment plant rather than individual outfalls. Studies of infaunal assemblages have generally concluded that there is an area of moderate impact up to several hundreds of metres from the discharge drains (Poore & Kudenov 1978 , Davies & Brown 1995 . There is also general agreement between these studies that an inshore area adjacent to the section of the plant that encompasses the 3 drains investigated in this study can be considered impacted to some degree, and periodic dumps of drift algae onto the foreshore exacerbate this in the intertidal.
Experimental transplants. At each outfall location 2 sites were chosen, one very close to the outfall (outfall site) and another at least 1 km away from the nearest outfall (control site). The control sites, while not typical unpolluted reference sites, provide background information for conditions across the Western Treatment Plant foreshore. It was not possible to find enough sites within the Western Treatment Plant to control for the effects of moving animals to a new location (Chapman 1999) . We feel that by transplanting cores of mud to new positions within the control sites, we adequately addressed the problem of experimental artifacts resulting from the movement of sediment to a new area.
Intact assemblages were taken from control sites using a 9 cm diameter PVC pipe to a depth of 10 cm and capped immediately on removal from the sediment. These 'plugs' of sediment were placed in a cool box for transportation to their transplant positions. To transplant the assemblages, 9 cm diameter PVC pipes were placed inside a slightly larger outer 'sleeve' which in turn was surrounded by chicken wire, and this combination was pushed into the sediment at the randomly chosen transplant positions. The inner pipe was dug out to a depth of 10 cm, and the sediment 'plug' to be transplanted was then placed in the hole. After which we removed the outer sleeve leaving the chicken wire in place, which ensured that exactly the same bit of sediment would be re-sampled while allowing animals to move in and out of the cores in any direction.
In February 1999, 4 replicates for each treatment and time combination were transplanted; the control cores were sampled from the control site and randomly allocated new positions within the control site while the outfall cores were transplanted from the control sites to the outfall sites. Pilot studies had indicated that using 4 replicate samples would provide adequate power for most measures. Four replicate samples were also taken from control sites at the beginning of the experiment to represent the pre-transplant conditions although they were not used in the subsequent analysis, as they were not subject to experimental treatments. Transplanted cores were sampled at 14 d intervals at all sites, although unfortunately, due to stormy weather causing sediment movement, we lost some of the chicken wire markers. This meant that the Lake Borrie sites were only sampled once (i.e. after 14 d) the 145 West sites were sampled after 14 d and again after 28 d, and the 15 East sites were sampled after 14, 28 and 42 d.
Laboratory processing. Samples were returned to the laboratory, sieved through a 0.5 mm sieve and preserved in 10% formaldehyde solution for later processing. We used a 0.5 mm sieve as opposed to a 1 mm sieve because our experience at this site indicated that the majority of animals would be adequately sampled with this sieve size. A 'Jones type' sample splitter was used to speed up the processing time and samples were split into 2, before sorting under a dissecting microscope. Trials with the sample splitter had indicated that sorting half the sample gave very good estimates of abundance for the entire sample, and we have used whole sample estimates for all subsequent analysis. All animals were counted and identified to the lowest practicable level and biomass (wet weight after blotting) was recorded for each species group to the nearest 0.001 g.
Choice of endpoints. A wide range of pollution endpoints has been proposed in the literature but for the purposes of this paper we decided to restrict ourselves to examining some very popular univariate measures (total abundance, total biomass, number of taxa, Shannon Wiener diversity index H ' (using log e) and species richness as Margalef's d). Recently, a new biodiversity index has been proposed -the taxonomic distinctness (∆*) measure of Warwick & Clarke (1995) -and this type of experimental investigation is an ideal opportunity to test this new index along with the more traditional measures. We have followed the methods for calculating ∆* given in Warwick & Clarke (1995) and used the taxonomic levels of species, genus, family, order, class and phylum weighted from 1 to 6. Common taxa, that is, taxa that comprised over 1% of total faunal abundance at more than one of the locations, are assessed for their usefulness as indicator species. Very little information is available regarding the identification of oligochaetes in Australia, so no attempt was made to identify these worms further. A simple biomass:abundance (B:A) ratio within each common species group has been included because we predicted that the main effect of the outfalls would be to increase food availability and therefore 111 increase the size of individuals. Changes in this ratio may be brought about for a variety of reasons, but an increase in the B :A ratio indicates that, on average, individuals at that site are larger. A change to bigger organisms may be brought about by a shift to larger long-lived taxa at the assemblage level for example, or by increased growth or selective impacts on juveniles within species groups. While the reason for changes in this ratio may not be immediately obvious, the ratio can be equated to changes in average individual size either in the assemblage as a whole or within a species group. As multivariate measures are also very popular in pollution monitoring studies, we have included what we consider the most common of the available techniques, nonmetric multidimensional scaling.
Statistical analysis. Univariate analyses were done separately for each outfall location using 1-or 2-factor analysis of variance with treatment and time both as fixed factors. Data from the 2 wk sampling occasion were also analyzed together, again with location and treatment as fixed factors. Data was checked for normality and heterogeneity of variance using box and residual plots and raw data has been used in all cases. These analyses were done using SYSTAT Version 7 (SPSS Inc., Chicago, IL).
In the absence of significant effects of treatment or treatment × time interactions, we have calculated the minimum detectable effect size (MDES) for population and assemblage level measures for 80% power. MDES values were calculated as the percentage change from control values pooled over time using the MS error term from the original ANOVA as the pooled estimate of variance. These power calculations were done using GPOWER (available at: www.psycho.uni-duesseldorf.de/ aap/projects/gpower).
Non-metric multidimensional scaling (nMDS) using Bray Curtis similarity measures was undertaken using the PRIMER Package. The ANOSIM procedure (Clarke 1993) provided in PRIMER was used to test for differences between outfalls and treatments.
RESULTS
A total of 34 taxa were recorded from all 3 locations during the course of the experiments. Polychaete worms and corophid amphipods numerically dominated all 3 locations. Bivalve molluscs were also common at the 145 West and 15 East locations. Estimates of total faunal abundance ranged from 72 966 to 363 769 m -2
. Only 8 taxa occurred at more than one of the outfall locations in numbers large enough to analyze for the population measures. All taxa at each location were included in the univariate mea- 
Population level measures
In these experiments the polychaetes showed a range of responses to the experimental treatment both within and between outfall locations. Capitella sp. changed in abundance at all 3 locations (Fig. 1a , Table 2 ), increasing in abundance at the Lake Borrie outfall site when compared to the control site and showing the opposite pattern at the 145 West and 15 East outfall sites. Of the 2 spionid polychaetes presented here, Boccardia proboscidea tended to be less abundant at the Lake Borrie location but did not change significantly in abundance with experimental treatment at any of the locations (Fig. 1b, Table 2 ). Polydora sp. showed changes in mean abundance with time at both 145 West and 15 East. The only response of Polydora sp. with treatment occurred at the 15 East location, where the outfall cores had higher numbers of Polydora sp. than the control cores at all 3 times. Where there were no apparent changes in abundance for these spionids, we could have detected, with 80% confidence, changes in the outfall cores of between 93 and 179% of the control cores. The 2 nereid species, Simplisetia aequisetis and Australoneris ehlersi showed no change in abundance when transplanted to the outfall site at Lake Borrie compared to the control site (Fig. 1d,e) . A. ehlersi, however, did decrease in abundance at the outfall site at the 145 West location and S. aequisetis occurred in lower numbers in the outfall cores when compared to the control cores at all times for both the 145 West and 15 East locations. Interestingly, at both these locations there were fluctuations in the abundance of S. aequisetis in the control cores while numbers in the outfall cores remained fairly consistent.
Of the 3 other taxa presented in Fig. 2 , once again there is a range of responses demonstrated both within and between outfall locations. The oligochaete worms occurred in much lower densities at the 145 West location (Fig. 2a) the outfall cores compared to the control cores should be treated with some caution (Table 2) . No change in oligochaete numbers with treatment was observed at the Lake Borrie location, but at 15 East oligochaete numbers were consistently lower in the outfall cores than the control cores. The bivalve Montacuta occurred in low densities at the Lake Borrie location (Fig. 2c) , increased in abundance in the outfall cores compared to the control cores at 145 West and did not vary between treatments at 15 East. The corophid amphipod Corophium insidiosum was abundant at all locations and showed large increases at all 3 control sites between Time 0 (samples taken pre-transplantation) and Time 1, 14 d later (Fig. 2b) . This species showed decreases in abundance in outfall cores when compared to control cores at both Lake Borrie and 145 West locations while at 15 East a more complex response was apparent. Examination of the interaction plot (Fig. 2b) shows that an initial decrease in C. insidiosum in the outfall cores after 14 d is followed by an increase in the outfall cores and a decrease in the control cores after 28 d. By 42 d there is no difference in the abundance of C. insidiosum between the control and outfall cores. In general, where population level responses are evident at the 15 East location, which has the biggest average daily discharge, they appear to be of greater magnitude than at the other locations (Figs 1 & 2) .
Abundance and biomass measures
The various abundance and biomass measures show a range of responses with transplantation to an outfall site and, as with the population measures, the responses tend to be inconsistent across the 3 locations. Total faunal abundance decreased in the outfall cores at Lake Borrie and 145 West, and initially decreased in the outfall cores at 15 East. However, after 28 d there was no difference between the 2 treatments at this location (Fig. 3a) . All 3 locations showed an initial increase in total abundance at the control site between Time 0 and Time 1. The amphipod Corophium insidiosum, which was an important constituent of the assemblages at all 3 locations, was primarily responsible for this and also for the patterns observed in total abundance at 15 East. No changes in total biomass were detected at any of the locations for the main effect of treatment (Table 2 , Fig. 3b ). Furthermore, with an 80% power we would have been able to detect differences of 14 to 132% of the control cores. Total biomass : abundance ratios increased at all 3 outfall sites when compared to the control sites (Table 2, Fig. 3 ).
Diversity measures
Number of taxa was similar at all locations although only at Lake Borrie was a difference between control and outfall cores detected (Fig. 4a) . At the other 2 locations, we could have detected differences of 2 or 3 taxa from the control cores with 80% confidence. Species richness as measured by Magarlef's d did, however, show responses at all locations (Fig. 4b) . This index decreased in the Lake Borrie outfall cores, increased in the 145 West outfall cores and initially increased in the 15 East outfall cores, but again by Time 2 there was no difference Fig. 2 . Mean abundance per core (± SE) of selected taxa following transplantation within a control site, or between a control and an outfall site at 3 outfall locations; Lake Borrie, 145 West and 15 East between control or outfall cores at this location. Similar patterns were observed with the Shannon Wiener diversity index, H' (Fig. 4c) . The biodiversity index of taxonomic distinctness showed similar patterns to the other diversity measures at Lake Borrie whilst at 145 West and 15 East the pattern was almost opposite (Fig. 4d , Table 2 ). At 145 West, the control cores had a higher taxonomic distinctness than the outfall cores after 28 d; whereas at 15 East, a strong interaction between treatment and time was evident (Table 2) . Initially, control assemblages increased biodiversity while outfall assemblages remained similar and then after 28 d this pattern was reversed and by 42 d there appeared to be little difference in taxonomic distinctness between the 2 treatments.
Average individual biomass
Not all of the taxa presented in the previous section showed significant changes in average individual biomass but, with only one exception, where we did detect changes we found that animals in the outfall cores had larger body sizes than those in the control cores (Table 3 ). 
Two week data
Using just the 2 wk data allows the outfall locations to be used as replicates in 1 analysis and it is obvious that most of the measures differ between locations (Table 4 ). The population measures appear more sensitive than the assemblage measures for detecting the main effect of treatment mainly because of the interactions masking any effect of treatment for the diversity indices. An exception to this was the measure of taxonomic distinctness, which showed a significant effect of treatment, because after 2 wk taxonomic distinctness was higher in the control cores than the outfall cores at all 3 locations. The total biomass : abundance ratio and the average individual biomass of polychaetes appeared to be sensitive measures for detecting impacts within this short time frame although several significant interaction terms indicate that slightly different patterns of change were evident at the different locations (Fig. 3c) . These location × treatment interactions were generally the result of biomass : abundance ratios being slower to detect impacts at the 145 West location and so in the 2 wk analysis differences at this location were not apparent.
Multivariate analyses
The analysis of similarities (ANOSIM) indicated significant differences between locations in a 2-way crossed model (p < 0.001). Ordination plots following nMDS for 4th root transformed abundance and biomass data are presented in Fig. 5 ; all samples, with all times and all locations are shown on each plot. There was also a significant effect of treatment (p < 0.001) and the ordination plots also indicate a separation of treatments within each location with outfall cores tending to be on one side of the control cores. A 4th root transform has the effect of reducing the effect of the dominant taxa and increasing the importance of rare taxa, which can make a considerable difference to the analysis (e.g. Olsgard et al. 1997 Olsgard et al. , 1998 . However, in this study, untransformed data (patterns driven by dominant taxa) produced similar patterns to the plot presented here. Surprisingly, it has often been found that biomass and abundance data will result in similar ordination plots following nMDS despite the fact that different taxa will be driving the observed patterns (Warwick 1993 ) and this has shown to be the case here as well. Ordinations of aggregated taxa also gave similar patterns to those shown here for both biomass and abundance data. This provides support for recent studies which have found that pollution can be detected using a lower taxonomic level (e.g. Morrisey et al. 1996 , Olsgard et al. 1998 ).
DISCUSSION
The ability of the different methods to detect treatment effects within the time frame of this study varied both within and between outfall locations. Other studies have also reported differential sensitivity in a range of endpoints (e.g. Ferraro et al. 1989 Cole 1990, Gray et al. 1990 , Keough & Quinn 1991 , Warwick & Clark 1991 . Many of these authors also pointed out that the sensitivity of the different measures may not be globally applicable; changing with both location and habitat and also potentially with the components of the purported pollutant (see also Warwick 1993) . It is obviously important to know which endpoints are sensitive to changes in water quality within a given geographical area and which are not in order to enable effective monitoring of the extent and severity of an impact or disturbance (Ferraro & Cole 1995) . Polychaetes are common constituents of estuarine fauna and many, like Capitella sp. have been described as opportunistic taxa that increase in abundance with increasing organic pollution (Grassle & Grassle 1974 , Pearson & Rosenberg 1978 , Tsutsumi 1987 . In this study, the polychaetes appeared to have potential as indicator species, at least in terms of sensitivity, as changes in abundance following transplantation to an outfall site were frequently recorded at all 3 locations (Table 2) . We might have predicted differences in the magnitude of change amongst the different polychaete taxa depending on their tolerance to pollution. While there were no consistent differences between taxa, there appeared to be an effect of discharge. The largest change occurred at the 15 East location with a mean increase in abundance of Polydora sp. of 175% following transplantation to an outfall site. This taxon showed no change in abundance at the other locations, but where responses to transplantation were observed in other taxa at the 145 West and Lake Borrie locations, the magnitude of change ranged from between 30 and 78% of the control cores. The discharge at 15 East is considerably larger than the other 2 locations and this may have been an important factor in the magnitude of responses observed. Members of the opportunistic Polydora complex, including Polydora sp. and Boccardia sp., are often associated with organically enriched situations (Pearson & Rosenberg 1978) . In particular Boccardia proboscidea has been proposed as an ideal indicator of organic pollution in south east Australia as this introduced species 117 has a distribution restricted to areas in the direct influence of sewage discharges (Petch 1989) . Consequently it is interesting to note that this short-term field manipulation did not identify Boccardia proboscidea as being particularly sensitive to changes in water quality. Power analyses indicated that we could have detected changes of between 43 and 161% in the number of worms in the control cores with 80% confidence, which is similar to the range of changes we saw in other taxa. Very little information exists regarding biologically important effect sizes (Fairweather 1991 , Ferraro et al. 1994 , Underwood 1996 . However, these worms have been recorded in enormous numbers within the Western Treatment Plant intertidal region (e.g. up to 350 000 worms m -2 , Petch 1989) so we consider an ability to detect changes of up to 26 worms core -1 or 4086 worms m -2 to be a reasonably powerful test in this case.
Of the remaining taxa examined, the oligochaete worms and the bivalve Montacuta showed varying responses between outfall locations. The amphipod Corophium insidiosum, on the other hand, did show a significant treatment effect in the 2 wk analysis (Table 3) but examination of the 3 locations separately (Fig. 2b,  Table 2 ) showed that this amphipod changed in abundance with both treatment and time. The large and rapid changes in abundance observed in this study indicate that it is a very mobile and sensitive species that will respond quickly to other influences, such as natural pulses of nutrients across the shore, or indirect effects resulting from the responses of other taxa to the discharges, as well as to treatment effects. Certainly Corophium spp. have been used in both behavioral and ecotoxicological studies (e.g. Bat & Raffaelli 1998, T. Stokie unpubl.) ; however, in the more variable field environment it appears less suitable as an indicator species.
The assemblage level measures of abundance, biomass and diversity tended to be less sensitive or less able to detect treatment effects in the short term than the population level measures (Table 3) . These summary measures are very popular in monitoring studies, mainly because they allow a reduction of large data sets to single numbers amenable to statistical testing. Although the abundance and diversity measures responded to treatment effects at all locations, these changes were very much driven by changes in the abundance of the dominant taxa, Capitella sp. and Corophium insidiosum.
Of particular interest are the different patterns observed with the conventional diversity measures and the measure of taxonomic distinctness. Warwick & Clarke (1995) suggested that the measure of taxonomic distinctness was more sensitive than conventional diversity measures at detecting stress. Although Somerfield et al. (1997) concluded that this was not always the case and they did not observe any consistent pattern of decreasing taxonomic distinctness with increasing stress. We found no differences in sensitivity between traditional measures of diversity and taxonomic distinctness in the present study, but we did observe differences in the patterns of change. Other studies have found the biodiversity measure to track other measures of diversity quite closely even though the measure of taxonomic distinctness incorporates a different aspect of biodiversity into the calculation (Hall & Greenstreet 1998 , Rogers et al. 1999 . Taxonomic distinctness (∆*) is a measure of the average path length between 2 individuals of different species and so where the assemblage is very much dominated by 2 species, as in this study, it is the relationship of these species that will drive the observed responses. In this case, it is very much the changes in abundance of Corophium insidiosum that are responsible for the observed patterns (see Figs 2b & 4d) , and this is because the 2 dominant taxa in this study are in different phyla and so changes in abundance of these 2 taxa have a high weighting. The use of an index of taxonomic distinctness in this context is based on the assumption that in stressed situations the dominant taxa would be closely related (i.e. sibling species of Capitella or species of the Polydora complex; Warwick & Clarke 1995) , but in estuarine situations it is quite usual to find deposit feeding corophiid amphipods co-dominant with polychaetes. Consequently, the extreme sensitivity of this index to changes in abundance of a dominant species such as we observed here might be particular to estuarine situations. The use of different weighting factors for estuarine fauna is an option for reducing the dependence on dominant taxa of this index, and such an approach could be investigated with a much larger database than is available here.
The total biomass : abundance ratio was the only really sensitive and consistent assemblage measure in this study with increases in overall size recorded at all outfalls. This response fits our original prediction that the main effect of transplanting assemblages into an area in close proximity to an outfall would be to increase food supply and so increase the size of the animals present.
J. S. Gray and co-workers (Gray 1989 , Gray et al. 1990 suggest that changes in the common measures of opportunists, abundance, total taxa and diversity, represent end points in a polluting sequence, rather than first effects or an early warning of potentially polluting impacts. Both historically (Dauer & Conner 1980) and more recently there has been a suggestion that changes in intraspecific size distributions may be more relevant and interesting measures of potential stress (Weston 1990 , Maurer et al. 1993 . Work on life history strategies of opportunistic taxa suggest that changes in average individual size within a species group may have important consequences to population growth through reducing time taken to reach maturity and increased fecundity (Bridges et al. 1994 , Bridges 1996 , Levin et al. 1996 . Changes in size may result from an increase in growth rates, or alternatively, energy may be converted directly to eggs and sperm, and so changes in B:A ratios may result from increases in reproductive material. While we do not have the information to determine the pathway of change in this study, the outcome for populations is likely to be similar. In this study, average individual biomass tended to be larger in the outfall cores when compared to the control cores in at least half of the taxa examined (Fig. 3, Tables 2 & 4) . For certain taxa such as the Polydora complex, this measure proved much more sensitive than the abundance measures. In this case, rather than representing an end point of population change, it is an indicator of increased growth with its associated life history implications. Simplisetia aequisetis, on the other hand, had lower abundances in the outfall cores than the control cores (Fig. 1d) while individual biomass increased. This implies that the difference was due to changes in abundance of smaller individuals. Examination of the raw data indicates that while juvenile nereids were arriving at the control cores, they were not arriving at the outfall cores which suggests that different life history stages are differentially affected by the sewage effluent. For the amphipod Corophium insidiosum the large fluctuations with time were not observed in the measure of individual size as they were with a measure of abundance. Therefore, while this very mobile species will reflect pulse events in changes in abundance a more integral measure such as average individual size appears to respond only to the press event of increased proximity to an outfall.
Empirical evidence also suggests that total biomass:abundance ratios will decrease with increasing perturbation (Pearson & Rosenberg 1978) although this was not the case in this study. Warwick (1986) suggests that this change is usually observed as the larger longlived taxa are replaced by smaller species with more opportunistic life history strategies. In this study, we did not see this shift to dominance by smaller species groups but, instead, an increase in overall size as food availability is increased close to the outfalls. If food availability were solely responsible for changes in population and assemblage level measures, we would also have predicted changes in biomass : abundance ratios to be more pronounced at the largest outfall, i.e. 15 East. This was not the case, and although food supply is clearly important and probably responsible for the increases in average individual size other components of the effluent must also be important in structuring these impacted assemblages.
The multivariate methods proved to be very sensitive in detecting differences between locations and treatments for both abundance and biomass data, and also for different transformations and taxonomic levels. These types of multivariate methods are generally recognized as being more sensitive than univariate or descriptive measures for discriminating sites (e.g. Gray et al. 1990 , Warwick & Clark 1991 and they have been recommended as the first stage in data exploration in a monitoring study (Gray et al. 1988) . In this study, the Lake Borrie location was clearly different to the other 2 locations despite the broadly similar chemical water quality of all 3 outfalls ( Table 1 ). The 145 West and 15 East locations are separated from the Lake Borrie location by Little River, which may explain the separation on the nMDS plot. The shift of the outfall cores to the same side of the control cores does suggest that there may be similarities in the effects of the transplant to an outfall site at all 3 locations. However, as Keough & Mapstone (1995) point out, this type of multivariate display is not always easy to interpret biologically, which makes it hard to usefully predict the consequences of continuing exposure to a pollutant.
For the majority of endpoints examined in this study, the direction of change following transplantation to an outfall site, varied across locations even though we were working over a relatively small geographical scale and with chemically similar discharges. We were also unable to predict the responses of various endpoints in relation to each other at all locations using the Pearson & Rosenberg (1978) conceptual framework. The decreases in abundance and increases in diversity observed in the outfall cores at both 15 East and 145 West locations were unexpected, and there is no starting point on the Pearson & Rosenberg model that would predict these endpoints to change in this fashion relative to each other. At both these locations, these changes were the result of a reduction in abundance of the numerical dominants and supposedly opportunistic taxa, which served to decrease overall abundance and increase diversity. These types of changes are consistent with those caused by toxic compounds in other soft sediment assemblages (e.g. Olsgard 1993 ) and again suggest that other components of the effluent such as heavy metals are also important in the structuring of the 'outfall assemblages'. In other parts of the world, predictions about the direction in which certain measures will move can apparently be made with confidence (Ferraro & Cole 1990 , MAFF 1993 , Ferraro et al. 1994 . In this study, it was not possible to predict how certain endpoints would change in relation to each other within a relatively small geographical area.
The scale of this study may explain why the responses of various measures did not always fit with predictions. A lot of studies tend to look for changes across a pollution gradient that may range from unpolluted or background conditions to gross or at least moderately polluted situations. We have undertaken a study that is restricted to a small portion of the pollution gradient and so are looking for more subtle changes when compared to many other studies. We have also sampled on a comparatively fine temporal scale which is not often seen in monitoring studies where it is much more common to sample on a scale of years (e.g. Khan & Garwood 1995) or months (e.g. Zmarly et al. 1994) . Consequently some of the changes we are seeing may form part of a predictable process but are not often observed because of the resolution of the study.
In respect to our original questions, we have found that at the polluted end of an enrichment gradient, fauna can respond very quickly to changes in water quality. To detect subtle improvements or degradation in water quality in already impacted environments monitoring over shorter time frames is recommended. The ability of a variety of measures to detect the effects of impacts varied. The multivariate methods were very sensitive and are highly recommended as a first step in detecting differences between sites. Population level measures tended to be more sensitive than assemblage level measures. While the total biomass / abundance ratio was a sensitive and consistent measure at all locations. The use of more integrated measures such as average individual biomass (B : A ratios) can provide a more sensitive detection tool plus an insight into the biological consequences of the observed changes. In this study, trends in various measures did not necessarily follow expected patterns and differed over a very small geographical distance. Unlike other parts of the world, we found it impossible to predict how, and in what direction, commonly used population or derived assemblage measures will change using general ecological theory and descriptive models.
